N

N

Reactivity and bioconcentration of stable cesium in a
hyperturbid fluvial-estuarine continuum: A combination
of field observations and geochemical modeling
Teba Gil-Diaz, Frédérique Pougnet, Maéva Labassa, Lionel Dutruch, Melina
Abdou, Alexandra Coynel, Frederique Eyrolle, Nicolas Briant, Joél Knoery,
Jorg Schafer

» To cite this version:

Teba Gil-Diaz, Frédérique Pougnet, Maéva Labassa, Lionel Dutruch, Melina Abdou, et al.. Re-
activity and bioconcentration of stable cesium in a hyperturbid fluvial-estuarine continuum: A
combination of field observations and geochemical modeling. Chemosphere, 2024, 359, pp.142266.
10.1016/j.chemosphere.2024.142266 . insu-04572992

HAL Id: insu-04572992
https://insu.hal.science/insu-04572992

Submitted on 16 May 2024

HAL is a multi-disciplinary open access L’archive ouverte pluridisciplinaire HAL, est

archive for the deposit and dissemination of sci-
entific research documents, whether they are pub-
lished or not. The documents may come from
teaching and research institutions in France or
abroad, or from public or private research centers.

destinée au dépot et a la diffusion de documents
scientifiques de niveau recherche, publiés ou non,
émanant des établissements d’enseignement et de
recherche francais ou étrangers, des laboratoires
publics ou privés.

Distributed under a Creative Commons Attribution 4.0 International License


https://insu.hal.science/insu-04572992
http://creativecommons.org/licenses/by/4.0/
http://creativecommons.org/licenses/by/4.0/
https://hal.archives-ouvertes.fr

Chemosphere 359 (2024) 142266

Contents lists available at ScienceDirect

Chemosphere

Chemosphere
L osile
ELSEVIER journal homepage: www.elsevier.com/locate/chemosphere

L))

Check for

Reactivity and bioconcentration of stable cesium in a hyperturbid
fluvial-estuarine continuum: A combination of field observations and
geochemical modeling

Teba Gil-Diaz ™", Frédérique Pougnet ®, Maéva Labassa®, Lionel Dutruch ®“, Melina Abdou“,
Alexandra Coynel?, Frédérique Eyrolle ¢, Nicolas Briant ¢, Joél Knoery ¢, Jorg Schifer

2 Univ. Bordeaux, CNRS, Bordeaux INP, EPOC, UMR 5805, F-33600 Pessac, France

b Institute of Applied Geosciences, Karlsruhe Institute of Technology, Adenauerring 20b, 76131 Karlsruhe, Germany

¢ Université de Rennes, UMR CNRS 6118, Campus Beaulieu 35000 Rennes, France

4 Institut de Radioprotection et de Sureté Nucléaire (IRSN), PSE-ENV, STAAR/LRTA, BP 3, 13115 Saint-Paul-lez-Durance, France
€ Ifremer, CCEM Contamination Chimique des Ecosystémes Marins, F-44000 Nantes, France

HIGHLIGHTS GRAPHICAL ABSTRACT

e Unique comprehensive work on stable
Cs in continent-ocean transition system.

e Watershed reactivity depends on
geological source and  seasonal
processes.

e Non-conservative estuarine behavior,
driven by SPM age and salinity.

o Modeled conditions show main sorption
driver is cation-exchange with clay
fraction.

o Low BCFs in oysters but general natural
origin of Cs related to water discharge.

ARTICLE INFO ABSTRACT

Handling Editor: Milena Horvat Effective, post-accidental management needs an accurate understanding of the biogeochemical behavior of ra-
dionuclides in surface environments at a regional scale. Studies on stable isotopes (element homologs) can
improve this knowledge. This work focuses on the biogeochemical behavior of stable cesium (Cs) along a major
European fluvial-estuarine system, the Gironde Estuary (SW France). We present results obtained from (i) a long-
term monitoring (2014-2017) of dissolved (Csq) and particulate (Cs,) Cs concentrations at five sites along the
freshwater continuum of the Garonne watershed, (ii) Csq and Cs, concentrations during four oceanographic
campaigns at contrasting hydrological conditions along longitudinal profiles of the estuarine system, (iii) a 24 h
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cycle of Cs,, at the estuary mouth, and (iv) a historical trend of Cs bioconcentration in wild oysters at the estuary
mouth (RNO/ROCCH, 1984-2017). In addition, we model the partitioning of Cs within the estuarine environ-

ment for clay mineral interactions via PhreeqC. At fluvial sites, we observe a geogenic dependence of the Cs, and
a seasonal variability of Csq, with a downstream increase of the solid-liquid partitioning (logio Kd values from
3.64 to 6.75 L kg™ for suspended particulate matter (SPM) < 200 mg L. Along the estuarine salinity gra-
dients, Cs shows a non-conservative behavior where fresh SPM (defined as Cs-depleted particles recently put in
contact with Csq) act as a Cs sink during both flood and low discharge (drought) conditions. This sorption
behavior was explained by the geochemical model, highlighting the relevance of ionic strength, water and SPM
residence times. However, at high salinities, the overall log;o Kd value decreases from 6.02 to 5.20 for SPM
~300-350 mg L ! due to the Csq oceanic endmember. Despite wild oysters showing low bioconcentration factors
(~1220 L kg™1) at the estuary mouth, they are sensitive organisms to Cs fluxes.

1. Introduction

Monitoring programs provide a “black-box”, i.e., macroscopic/
generalized view on the overall transport and reactivity of trace ele-
ments and data, crucial in supporting process studies. These programs
include systematic collection of a wide variety of matrices including
atmospheric deposition, water, sediments and/or sentinel species as
indicators of temporal and spatial variabilities of trace elements. Inde-
pendent of the nature of the examined element (stable or radioactive),
monitoring programs allow to establish trace element distributions in
ecosystems (e.g., Saito et al., 2015), and system understanding such as,
e.g., the resilience of the environment affected by contaminated even-
ts/sites (e.g., Pougnet et al., 2022). However, when target elements fall
below the levels of concern for human health, the time series are often
disregarded, even though they also provide information about
ecosystem dynamics and/or insights to homolog trace element behavior.
Such is the case for stable cesium (Cs), for which there are only three
point published works in the literature (Shim et al., 2012; Takata et al.,
2013; Bera et al., 2015) and no temporal series.

In addition, few monitoring programs go beyond the data collection
and plotting, trying to combine both field observations with mechanistic
process-understanding, providing an explanation to the recorded long-
term series of element concentrations in a given system. Process-
understanding could be achieved via modeling of physical-chemical
and solid-liquid interactions of trace elements. Here we refer to
geochemical models and not empirical models based on field/experi-
mental data. In fact, this approach is widely used in the field of migra-
tion of radionuclides in deep geological storage sites and for coastal
dispersion of radionuclide releases from nuclear fuel reprocessing plants
(e.g., Perianez and Elliott, 2002), but not yet systematically applied for
stable elements in surface aquatic systems. Furthermore, geochemical
models combining solid-liquid interfacial processes (i.e., cation ex-
change and/or surface complexation models) with advection/diffusion
transport are still scarce in the literature, particularly for surface aquatic
environments and stable elements below levels of concern.

Geochemical models require several parameters (e.g., surface area,
cation exchange capacity, element speciation, surface functional bind-
ing groups, thermodynamic data, etc.), which are quantified under
controlled conditions. This information exists in the literature for certain
elements of concern/interest but not for all the periodic table and not all
substrates (e.g., example of selenium, related to the toxicity of its stable
forms at high concentrations and the persistence of its radioactive forms
for nuclear waste storage sites; Missana et al., 2009; Nie et al., 2017).
This is also the case for radioactive Cs as, due to its radiological rele-
vance in nuclear activities, there is relatively advanced knowledge on
physical-chemical parameters (e.g., Gutierrez and Fuentes, 1996;
Bradbury and Baeyens, 2000; Missana et al., 2014). Nevertheless, there
is still little understanding about Cs transport and reactivity in
hydro-systems at the continent-ocean interface. For instance, Sanial
etal. (2017) discovered after the Fukushima Daiichi nuclear power plant
accident in 2011 that underground estuaries from the coast of Japan
were unexpectedly acting as long-term secondary sources of '%’Cs.
Therefore, providing a more mechanistic understanding of Cs reactivity,

dispersion and fate in surface aquatic systems, even based on homolog
stable Cs behavior, is also a requirement to improve post-accidental
management of radionuclide releases at a regional scale.

This work aims at: (a) providing a complete dataset from field ob-
servations regarding concentrations, reactivity and bioconcentration of
stable Cs at a fluvial-estuarine continuum, and (b) verifying the use-
fulness of geochemical models for surficial hydro-systems as supporting
tools for understanding/analyzing field observations and identifying
dominant regional processes, applied for the case of the estuarine sys-
tem. The study area is the Lot-Garonne-Gironde fluvial-estuarine system
(SW France), presenting (i) long-term historical series (2014-2017) of
dissolved (Csq) and particulate (Cs,) Cs concentrations at five river sites
with a monthly frequency, (ii) Csq and Cs, concentrations along estua-
rine longitudinal profiles during four contrasting hydrological condi-
tions (drought or low river water discharges, flood and extreme flood),
(iii) a diel (24 h) cycle of Cs, dynamics at the estuary mouth, and (iv) a
historical trend of Cs bioconcentration in wild oysters at the estuary
mouth (RNO/ROCCH, 1984-2017). The geochemical model involves a
1D advective/diffusive transport model, incorporating the commonly
accepted cation exchange descriptions for Cs onto clays, implemented
via PhreeqC. Overall, this study provides a more comprehensive
knowledge on stable Cs biogeochemical cycling, complements post-
accidental management studies for the dispersion and fate of radioac-
tive Cs in surface environments, and promotes digitalization of
continent-ocean transition systems (towards the development of nu-
merical twins).

2. Material and methods
2.1. Study area: the Lot-Garonne-Gironde fluvial-estuarine system

The Lot-Garonne-Gironde fluvial-estuarine system in the SW of
France (Fig. 1) has been systematically monitored for trace elements at
the regional (i.e., watershed) scale for classical elements (e.g., Cd, Zn,
Cu, Pb; Pougnet et al., 2022) since the 1990’s, with more recent and
continuous data for other trace elements since 2003 (e.g., Cd, Ag, Sb, Gd;
Lanceleur et al., 2011a; Gil-Diaz et al., 2018; Lerat-Hardy et al., 2019).
This monitoring program started due to the historical metal pollution
and subsequent long-lasting rehabilitation works that have taken place
over the years at the watershed. The monitoring program, financed by
the Adour Garonne Water Agency, focuses on five representative sites
along the watershed: (1) ‘Boisse Penchot’ (BP) on the upstream Lot
River, (2) ‘Riou Mort’ (RM) at the outlet of the Riou Mort River hosting
the historical industrial point sources of metals, (3) ‘Temple’ (T), at the
outlet of the Lot River watershed, (4) ‘Port-Sainte-Marie’ (PSM), up-
stream the Garonne River and (5) ‘La Réole’ (LR), on the Garonne River
downstream of its confluence with the Lot River, with the latter
constituting the upper limit of the tidal influence of the Gironde Estuary.
Traditionally, the city of Bordeaux represents the kilometric point (KP)
0 km of the Gironde Estuary, increasing to 110 km at the estuary mouth.
In order to navigate along the studied sites and the present work, we
have assigned to the acronym of each sampling site an additional code
representing the associated river (i.e., Gar for Garonne River, Lot for the
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Lot River, and Rio for the Riou Mort River) and the corresponding dis-
tance to Bordeaux. Positive km corresponds to downstream sites
whereas negative km is assigned to sites upstream of Bordeaux (Fig. 1).
The present work uses the monthly sampling campaigns between 2014
and 2017, collecting manually water and SPM samples: n = 64 at LR, n
=62 at PSM, n =62 at T, n = 63 at BP, n = 62 at RM.

The Gironde Estuary is one of the largest estuaries in Europe and an
important continent-ocean interface system towards the Atlantic Coast
(Fig. 1). Its watershed has a total area of ~81 000 km? and receives an
average freshwater discharge (Q) of ~960 m3s7! (DIREN, 2023) mainly
from the Garonne and the Dordogne rivers (Salomon, 2002; Schafer
et al., 2002). Within the estuary, water residence times vary from 86
days in low discharge conditions to ~18 days during high discharges
(Castaing and Jouanneau, 1979; Jouanneau and Latouche, 1981).
Contrastingly, the average residence time of suspended particulate
matter (SPM) is of 1-2 years. The estuary has a strong maximum
turbidity zone (MTZ of ~1000 mg L™!; Castaing and Jouanneau, 1979;
Sottolichio and Castaing, 1999), which is only expulsed onto the con-
tinental shelf at the co-occurrence of continuous high river discharge
that displaces it towards the estuarine mouth, and spring ebb tides that
push it beyond the coastline (Allen et al., 1980; Castaing and Allen,
1981; Doxaran et al., 2009). In our case, the estuarine salinity and
turbidity gradients were monitored during four oceanographic cam-
paigns, from Bordeaux to the estuary mouth on board the R/V Thalia
(IFREMER), during contrasting hydrological conditions: MGTS I in
March 2014 (n = 26; Quigrs  ~1203 m® s 1), MGTS II in March 2015 (n
= 23; Qumgrs 11 ~3450 m® s™1), MGTS III in October 2015 (n = 26; Qugrs
m ~206 m® s~1) and MGTS IV in June 2017 (n = 20; Qugts 1v ~235 m°
s7h. During the latter cruise, a diel cycle (24 h) collection of samples at
the estuary mouth (Fig. 1) was also pursued. Further details about these
campaigns and other trace elements can be found in the literature
(Gil-Diaz et al. 2016, 2019; Abdou and Tercier-Waeber, 2022; Pougnet
et al., 2022).

The Gironde Estuary mouth also hosts wild oysters which are regu-
larly sampled as part of the National Network for the Observation of
Marine Environment Quality (i.e., the French Mussel-Watch program;
RNO/ROCCH, since 1974). This program has sampled, analyzed and
stored total soft tissues of wild, two-year old (~8 cm long) Japanese
oysters (Crassostrea gigas, cf. Magallana gigas) during winter
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(February-March) at La Fosse (Fig. 1) since 1979. This work shows only
the time series of Cs from archived samples between 1984 and 2017 at a
2-year interval (n = 18). Complementary results about other trace ele-
ments can be found in the literature (Gil-Diaz et al., 2019; Pougnet et al.,
2021). In addition, five samples were collected in April 2014 for orga-
notropism scoping (i.e., gills, muscle, mantle and digestive gland),
presented here as supplementary information.

2.2. Sample collection and sample treatment

2.2.1. Water and SPM for trace element quantification

In general, sub-surface water was collected either with a telescopic
pole (~0.3 m depth, 1 m away from the river bank) or with a Niskin
bottle (on-board at 1 m depth), into previously acid-washed poly-
propylene (PP) bottles. Samples were filtered on-site through 0.2 pm
Minisart® cellulose acetate filters, acidified with HNO3 (1/1000 v/v; J.
T. Baker ultrapure, 14 M) and stored at 4 °C in the dark. At the same
time, SPM samples were collected into 40 L acid washed polyethylene
(PE) drums and particles were retrieved by flow-through centrifugation
(Westfalia, 12 000xg; Lapaquellerie et al., 1996), followed by oven
drying (50 °C), grinding and homogenized, and then, stored at room
temperature in the dark until digestion.

As described in many other works (Schafer et al., 2002; Gil-Diaz
et al., 2018; Gil-Diaz et al., 2019, etc.), the representative aliquots of
SPM (i.e., ~30 mg) were digested as follows. Acid-cleaned, closed PP
tubes (DigiTUBEs®, SCP SCIENCE) were used with a Teflon®-coated
heating block (2 h at 110 °C; SCP Science). The SPM were digested in a
tri-acid mixture including 1.5 mL HCI (10 M Suprapur®, Merck), 750 pL
HNO3 (14 M Suprapur®, Merck) and 2.5 mL HF (29 M Suprapur®,
Fisher), accounted as a “total digestion” method. After evaporation to
dryness, the residues were re-dissolved with 250 pL. HNO3 (14 M) in the
heating block, and the samples were completed to 10 mL using Milli-Q
water.

2.2.2. Biological material (wild oysters)

The RNO/ROCCH program (IFREMER) collects oyster samples at La
Fosse according to the guidelines for monitoring contaminants in biota
(OSPAR commission; OSPAR, 2018). After depuration with particle-free
water obtained from the site, whole soft bodies, pooled (20-60
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Fig. 1. Map of the Lot-Garonne-Gironde fluvial-estuarine system in the SW France.

Sampling points were: (i) five freshwater sampling sites sampled between 2014

and 2017 (circles), (ii) four oceanographic campaigns performing longitudinal profiles integrating estuarine salinity and turbidity gradients (crosses), (iii) a diel cycle
at the estuary mouth during drought/low water conditions (triangle), (iv) punctual coastal points, and (v) wild oysters collected between 1984 and 2017 at La Fosse
(star). Current operating nuclear power plants (NPP) in the area are also included. The codes of each sampling site refer to the acronym of the site, the river where it
is located, and the distance to the 0 km (Bordeaux), positive for downstream and negative for upstream sites.
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individuals, depending on the size), ground, freeze-dried, and homog-
enized, then stored in the National Mussel Watch sample bank pending
specific (element-dependent) digestions and analyses. In this work, ali-
quots of ~200 mg were digested in a microwave oven (ETHOS UP,
Milestone Srl) with 4 mL HCI (34-37 % Suprapur®, SCP Science) and
2.8 mL HNOj3 (67-69 % Suprapur®, SCP Science). The temperature
program was set with a ramp of 9 °C min ! up to 180 °C, then followed a
30 min digestion at 180 °C before cooling down. According to known
protocols (Daskalakis et al., 1997; USEPA, 2007) and to avoid potential
polyatomic interferences with Cl™, these acid digestions were evapo-
rated at 50-60 °C and recovered in HNO3 matrix. A parallel study based
on several bivalve samples and different masses of soft tissue supports
the existence of a critical mass for obtaining reliable values of ultra-trace
elements. This issue is potentially related to interferences at lower
element signals as discussed for the case of Pt (Abdou et al., 2018). For
Csp, this critical mass should be > 200 mg (i.e., Fig. S1).

2.2.3. Water discharge, SPM concentrations, and physical-chemical
parameters

Information about the daily water discharge at each watershed
studied site is available online via the National Hydrographic Databank
(DIREN, 2023). Complementary SPM concentrations over time were
obtained by in situ filtration of volumes of water through dry
pre-weighed filters (Xilab glass microfiber, 0.7 pm). These filters were
then dried to constant weight at 50 °C and re-weighed. Phys-
ical-chemical parameters, including water temperature and conductiv-
ity (Tetra-Con 96® probe, PROFILINE, WTW), as well as pH (Sentix® 41
probe, PROFILINE, WTW) were also measured in situ. These results can
be found in Gil-Diaz et al., (2019).

2.3. Quantification of dissolved (Csa), particulate (Csp) and biological
(Csp) cesium

Freshwater dissolved (Csq), particulate (Csp), and biological (Csp) Cs
concentrations were analyzed by triple quadrupole inductively coupled
plasma mass spectrometry (ICP-MS; iCAP-TQ, THERMO®) in kinetic
energy discrimination (KED)-mode (He), with external calibration. No
corrections for interferences were required. Detection limits (LOD) were
0.04 + 0.01 ng L™! for several analyses of 10 blanks at 2 % HNO3 (J.T.
Baker ultrapure). Digestion blanks (n = 3 per digestion batch) were also
used to control any contamination from the digestion process (~1 ng L™*
for LOD of 0.06 + 0.02 ng L~L, n = 10 blanks). Brackish waters (i.e.,
estuarine Csq) were also analyzed directly, in this case via standard
additions and gas dilution, with the ICP-MS iCAP-TQ. In these condi-
tions, slightly higher LOD 1.20 + 0.16 ng L' were obtained. This
method is faster and equally reliable compared to other reported ap-
proaches with the same LODs but involving pre-concentration methods
(e.g., ammonium 12-molybdophosphate complexation and ion ex-
change resin column; Takata et al., 2013).

Appropriate certified reference materials (CRM) for Cs are only
available for the particulate phase. Corresponding recoveries were 85 +
10 % (n = 30) for stream sediment NCS DC 73307, and 91 4+ 16 % (n =
30) for marine sediment NIST® RM 8704. Additionally, particulate
thorium (Thp) was also measured in the SPM for grain-size correction
purposes. Recoveries for Th were of 90 % in marine sediment NIST SRM
2702 (n = 12) and 85 % for NIST® RM 8704 (n = 36), as reported in
Gil-Diaz et al., (2019). Since no CRM exists for Cs in biological materials,
its reproducibility was monitored using the CRM NIST Oyster Tissue
1566b (e.g., generally used for complementary elements like Sb, Sn and
Se), showing ~5 % relative standard deviations (RSDs) in microwave
assisted digestions (10.1 + 1.14 mg kg%, n = 11).

2.4. Data treatment

2.4.1. Grain size normalization
It is a common practice in geochemistry to normalize trace element
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particulate concentrations. That is, certain trace elements naturally
show higher concentrations in smaller particles due to the high surface
area of exchange, i.e., more available adsorption sites present in the
small particles compared to bigger particles (Loring and Rantala, 1992).
This effect is identified by normalizing particulate concentrations
against other conservative elements, which have no anthropogenic in-
fluence and show size effect behavior (Reimann and de Caritat, 2000). In
our case, thorium (Th) is a conservative lithogenic trace element
adequate for correcting grain size effects, particularly in
silicate-dominated sediments (Krachler and Shotyk, 2004; Larrose et al.,
2010). Therefore, many of the particulate results presented in this work
will show both Cs concentrations in the particulate phase (Csp) as well as
Th-normalized concentrations (Csp/Thp), given the potential bias of
particle size in Csp quantification. Grain size effects are identified by
comparing both Cs;, and Csp/Th,, trends, e.g., there is an influence of the
grain size when two sites/sampled points show significant differences at
the level of Cs, trends and not anymore when comparing Cs,/Th,, values.

2.4.2. Distribution coefficients (Kd)

Cesium partitioning between the dissolved and particulate phases
can be described by the solid-liquid distribution coefficient (Kd;
McKinley and Alexander, 1992; Sung, 1995). Briefly, Kd (in L kg™!) is
the ratio between Cs, (mg kg’l) and Csq (mg LY. Noteworthy, Kd
presented in this work corresponds to geogenic values. This is coherent
with quantitative recovery of Cs;, in suspended material, not only its
exchangeable forms. This Kd value is obtained from environmental
concentrations, meaning that it may not always involve true equilibrium
conditions. The total Cs (Cst) can be described as the sum of both Csq
and Csp,. A combination of all these concepts describes the relationship
between the particulate fraction of Cs, (%) and the Kd (Eq. (1); Gil-Diaz
et al., 2019), according to the SPM concentration (kg L_l).

Cs,(%) = 100-
ST

= 100~(Kd-SPM)/(1 +Kd - SPM) )

2.4.3. Annual fluxes

As described in Gil-Diaz et al., (2019), annual fluxes (kg y’l) of Csq
(Eq. (2)) and Cs;, (Eq. (3)) were calculated based on discharge-weighed
concentrations. This approach has been commonly applied before (e.g.,
Meybeck et al., 1994; Meybeck and Ragu, 1995; Webb et al., 1997) and
requires daily (Q;) and annual (Q’) average water discharges from the
National Hydrographic Databank (DIREN, 2023) as well as daily SPM
fluxes (Fspyi) and Csq/Csp concentrations from the sampling survey
(~24-day frequency).

Fey, Q(i (Q,-~Cs,,)/ iQi) @)

n

> (Fspui-Csy)

|- - for Fgpy; = SPM;-Q; 3)
S0

Fe,,=0Q |~

2.4.4. Bioconcentration ratios

The bioconcentration ratio provides information about the amount
of trace element that has been absorbed/retained in the organism in
natural conditions, including both direct (i.e., dissolved exposure) and
indirect (i.e., trophic exposure) pathways. It is defined as the ratio be-
tween the trace element concentration in the organism’s tissue (e.g., Csp
in mg kg™1) and the concentration of trace element in the surrounding
environment, at steady-state (USEPA, 2000; Arnot and Gobas, 2006).
Normally, the later value corresponds to the dissolved concentration (i.
e., Csq in mg L™ 1), since it potentially shows the highest bioavailability
between dissolved and particulate forms (e.g., Lekhi et al., 2008).
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2.5. Modeling Cs sorption in the Gironde Estuary

An advective and diffusive transport model was set up using the free,
geochemical software PhreeqC (Parkhurst and Appelo, 1999) and the sit.
dat database. The aim of this preliminary approach is to better under-
stand the potential processes responsible for the environmental obser-
vations, building a bridge between monitoring and modeling.
Nevertheless, one should bear in mind that this simulation uses uniform,
average estuarine conditions, and static particles. Reality includes a
geographically mobile MTZ, with expulsion events and renewal/input of
fluvial particles, with a combination of tidal cycles with flood/drought
long periods. Despite these potential shortcomings compared to reality,
our modeling approach is still valid, as will be shown in the results
section.

Known characteristics from the Gironde Estuary (Fig. 2a) were
reproduced in PhreeqC with a 1D model, mimicking the estuary as a
horizontal exchange column/tube (Fig. 2b). The analogy between the
estuarine system (slow moving particles in a funnel with exchanging
water masses from each endmember) and the packed-column system
(stationary particles with water endmembers moving and mixing be-
tween the packed grains) is pertinent given the water and SPM residence
times of the Gironde Estuary. In the real system, SPM and MTZ are
retained for long periods of time (up to 2 years — could be seen as a
stationary phase in a column) whereas water masses mix and interact on
a tidal basis, and remain in the system on a daily/monthly basis (much
shorter periods of time compared to SPM - could be seen as the water
endmembers through the column). The size of the horizontal column is
as big as the Gironde Estuary (~150 km long), with 30 cells of 5 km
each, full of stationary particles. The column contains a middle area with
higher particle density (i.e., packing of 1000 mg L™}, simulating the
MTZ) compared to the rest of the column (i.e., average packing of ~100
mg L}, simulating average estuarine SPM). This spatial evolution of the
particle composition within the column is defined in PhreeqC via cell
properties (e.g., cells 1-10 contain an amount of moles equivalent to the
cation exchange capacity of a surface provided by 100 mg L™! of par-
ticles). The particle composition follows the identified ratio between
illite and smectite clay minerals for the Gironde fluvial-estuarine system
(i.e., based on XRD measurements ~35 % illite and muscovite domi-
nating clay minerals, ~10 % smectites; Gil-Diaz et al., 2020), brought to
the total packing density for each area (e.g., in 100 mg L™}, ~77 mg L™}
are illites and ~23 mg L~! are smectites).

A. Estuarine system (average conditions):

! |
N

Semi-diurnal tidal cycle —
Flood vs drought

Illite : Smectite
Average SPM Average SPM } 349% - 9%1
[CE— =

KP-70 KPO  KP20 KP70 Atlantic
(LR) (Bdx) Ocean
B. Conceptual analogy (“1D Column”):
Packing: et lllite : Smectite
(s/L) 100 mg/L ,1900 m /L 100 mg/L } 35 : 10
r 1 (Exch)2  (Exch)?
0 50 100 150
km
Solutions: PHREEQC
sit.dat

“standard seawater”
+300 ng/L Cs

References: (1) Gil-Diaz et al. 2020, (2) Bradbury and Baeyens 2000, (3) Missana et al. 2014

Fig. 2. Schematic parallelism between (A) the physical-chemical characteris-
tics of the Gironde Estuary and equivalent kilometric points (KP), and (B) the
conceptual 1D column used to numerically simulate the adsorption of Cs along
a salinity and turbidity gradients. Abbreviations: solid to liquid ratio (S/L),
cation exchange (Exch.).
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Flood and ebb conditions along the entire estuary were mimicked
with two solution endmembers flowing back and forth through the
column (visual scheme of applied regimes can be found in Fig. S2). The
flow conditions are modeled via the “Transport” command of PhreeqC,
by alternating forward and backward flow direction. These solutions
simulate seawater and freshwater matrices (full composition described
in Table S1) containing 300 ng L' and 10 ng L ™! Cs, respectively, based
on the results for Csq obtained from this work. The velocity of the
freshwater and seawater influence through the column was modified
and assigned accordingly to represent flood and drought conditions
based on the known average flood and drought water discharges (c.f.
section 2.1).

Overall, three models are simulated (Table 1). Overall, the concepts
of “fresh” and “old” SPM will be used along the model descriptions and
the manuscript several times. The definition here of fresh SPM imply
particles that are originally low in Cs, concentrations (e.g., in the
environment corresponding to freshly eroded particles released into the
aquatic system) and have been recently put in contact with Csq. Alter-
natively, old SPM refer to those particles that have been exposed to
several cycles of fresh- and seawater discharges. This means that the old
particles have been exposed to several exchanges between Csp, and Csg,
with every independent water mass and Csq load from each endmember.
This is modeled by the time component, i.e., the packed column is
composed of un-exposed particles, which over time will re-equilibrate
with Cs-containing solutions. This means that the surface characteris-
tics are not modified per se, they are changing over time due to re-
equilibration processes between the amounts of Cs in the particulate
and the dissolved phases. This also implies that, when referring to
“fresh” or “old” SPM based on modeled results, we refer to a behavior
observed for all the SPM within the entire column. The adsorption of Cs
was modeled based on published cation-exchange parameters for
average illite (Bradbury and Baeyens, 2000) and smectites (Missana
et al., 2014). Despite the existence an electrostatic, triple layer (TLM),
surface complexation model for Cs sorption onto montmorillonite
(Gutierrez and Fuentes, 1996), this approach is not included in this
work, as the previous descriptions already explained the environmental
observations. The cation-exchange models are described in detail in
section 4.3.1 and the model parameters used in this work are included in
Table S2. The outcomes of these simulations include dissolved and
particulate Cs species, concentrations, and Kd values along distance and
salinity gradients.

Table 1
Description of the three applied models and the intended environmental
analogy.

Model Approach Environmental comparison
simulation
1 No exchange allowed between Conservative behavior

Csq and particles, only mixture
of water masses

2 Enabled cation exchange in a
regime with transitional tidal
flow, using intermediate flow
rates for the freshwater
endmember and shorter flow
rates for the seawater
endmember

3 cation exchange takes place
firstly during extreme flood and
drought conditions (e.g.,
continuous flushing of the
column with freshwater for
flood conditions), followed by
tidal flow (as in model 2).

Non-conservative behavior with
fresh SPM recently introduced
into the estuarine system

Non-conservative behavior in old
SPM held within the estuarine
system
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3. Results
3.1. Spatial-temporal variations of Cs

3.1.1. Four-year trends within the Garonne River watershed

The Garonne River watershed shows variable Cs concentrations (Csq
and Csp) in the 4-year survey (2014-2017, Fig. 3). Highest concentra-
tions of both Csq and Cs;, are found in the Lot River. The Csq decreases by
a factor of 3 downstream of the Lot River (i.e., from BP to T, despite the
13-fold higher Csq from RM), and increases 2-fold within the Garonne
River (i.e., from PSM to LR). In the particulate phase however, average
Cs;, slightly decreases within the Lot River (i.e., factor 1.3 from BP to T,
with RM showing almost half of the average Cs,) and then decreases
again by a factor of ~2 from the Lot River to the Garonne River (i.e.,
from T to LR). Temporally, Csq shows a seasonal pattern with higher
concentrations in summer and lower in winter, parallel to the water
discharges, particularly at RM, BP and PSM. Contrastingly, Cs, shows
sporadic influence of the grain size (i.e., similar trends between Csp, and
Csp/Thy) though not always throughout the year (e.g., example of LR in
2014/2015, Fig. S3), and increased concentrations with SPM events,
particularly at T and LR. This contrasts with the study from Evrard et al.
(2015) who highlighted the relevance of particle size on the transport of
radiocesium from the hilltops to the coast of Japan.

Overall, annual discharge-weighted fluxes show that the contribu-
tion of the Lot River into the Garonne River is low but significant in the
dissolved phase. In fact, dissolved fluxes from the Lot River generally
account for 70-135 % of that from the upstream Garonne River (T vs
PSM). The influence of RM into the Lot River is <4 %, except in 2017
where it increased to 17 %, mainly in particulate form. Out of the
studied rivers in this work, the upstream Garonne River contributes the
most to the Cs influx into the Gironde Estuary, with >98 % as Cs,,.

3.1.2. Four contrasting hydrological conditions in the Gironde Estuary
Once in the estuary, Csq shows increased concentrations along the
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salinity gradient which could be confounded with a conservative
behavior. However, a closer look at the results from MGTS II (flood
conditions) and MGTS III (drought conditions) suggests a two-step in-
crease in Csq, with an inflection point at S = 10 (Fig. 4). This inflection
point is a physical-chemical response of Cs dynamics and not an
anthropogenic influence given the variable location of the water mass of
S =10, i.e., for our sampling campaigns, S = 10 was positioned at KP61
during low discharge (260 m® s™1) and at KP90 during high discharge
conditions (3450 m® s™1). Despite the incomplete dataset, the fluvial
endmember at LR as well as reported seawater endmembers (Rankin,
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Fig. 4. Distribution of Csq (symbols) along the salinity and turbidity (shaded
areas) gradients of the Gironde Estuary in flood (MGTS II — March 2015, 3450
m® s!) and drought (MGTS III — October 2015, 260 m® s™!) conditions,
sampled between the city of Bordeaux (Bdx 0 km) and the estuary mouth
(C_110 km). Freshwater endmember is calculated from the 4-y timeseries at
LR _Gar-70km (i.e., Fig. 3, error bar smaller than the symbol size) and the
oceanic endmember corresponds to reported values in the literature (Rankin,
2009; Takata et al., 2013). Gray areas represent the SPM concentrations of
corresponding campaigns.
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Fig. 3. Temporal variability of dissolved (Csq — lines), particulate (Cs,, - filled stars) and Th-normalized (Cs,/Th, — empty stars) cesium (Cs) concentrations in the Lot-
Garonne fluvial system from 2014 to 2017 (4-years) at five sampling sites: La Réole (a, LR_Gar-70km), Port-Sainte-Marie (b, PSM_Gar-135km), Temple (c, T Lot-
135km), Boisse-Penchot (d, BP_Lot-235km) and Riou Mort (e, RM_Rio-250km). Corresponding water discharges are blue-shaded areas and suspended particulate
matter (SPM) concentrations are also included. (For interpretation of the references to colour in this figure legend, the reader is referred to the Web version of

this article.)
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2009; Takata et al., 2013) contribute as reference points.

On the other hand, Cs, shows a contrasting behavior depending on
the water discharge conditions (Fig. 5). During flood conditions (e.g.,
MGTS I and MGTSII, Fig. 5a and b), Csp, increases along the salinity and
turbidity gradients of the Gironde Estuary, particularly at the MTZ
where the highest SPM content is positioned. However, during drought
conditions (e.g., MGTS IIl and MGTS IV, Fig. 5c and d), Cs,, decreases up
to an average concentration of ~10 mg kg™ '. This behavior of Csp is not
always an effect of changes in grain-size, as shown by the Cs,/Th,, ratios.
However, the decrease of coastal Cs, up to 5.88 £ 0.73 mg kg1, seems
to be related to grain size effects, reaching a coastal value of Cs,/Thy,
~1.0 (i.e., specifically varying between 0.85 and 0.98).

3.2. 24 h cycle at the Gironde Estuary mouth

Given the dominance of the seawater endmember on Csg, only Cs,
was measured at the estuary mouth during a diel cycle in drought
conditions (MGTS IV, Fig. 6). Results indicate that despite the diel
cycling of seawater (salinity), SPM (i.e., remobilization with ebb and
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flood), and the day-night patterns (white vs gray area), Cs;, variations at
the estuary mouth seem to be related to grain-size effects (i.e., the Csp
peaks at night are smoothen with Cs,/Th;, normalization). This trend is
clearer when representing Cs;, vs Thy, trends (Fig. S3), particularly at the
estuary mouth compared to the estuarine and freshwater areas. The Cs,/
Th,, ratios at the estuary mouth are generally within the coastal range
(between 0.85 and 0.98, Fig. 5). The question then arises regarding the
influence of such Cs, dynamics on the bioaccumulation of Csp, by wild
oysters at the estuary mouth.

3.3. Historical trend in wild oysters at the estuary mouth

At first sight, the accumulation of Cs within the soft tissue of wild
oysters at the estuary mouth shows a uniform concentration
(1984-2010) followed by a significant increase in the last 4 years of the
dataset (Fig. 7). This temporal distribution does not show a clear trend,
as shown by several regression fits (i.e., Table S3). Nevertheless, the Csp
distribution is not completely independent of the annual estuarine
discharge (i.e., only showing inversely correlated anomalous points for
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Fig. 5. Particulate (Cs,) and Th-normalized (Csp/Th;) concentrations of Cs along the estuarine salinity and turbidity gradients in the Gironde Estuary during four
oceanographic sampling campaigns between the city of Bordeaux (Bdx_0 km) and the estuary mouth (C_110 km) during contrasting hydrological conditions: MGTS I
(a), MGTS II (b), MGTS III (c), MGTS IV (d). Coastal Cs, and Cs,/Thy, values are presented in black. They were sampled during MGTS IV but it is shown for all
conditions (a—d) as reference point for comparison. Suspended particulate matter (SPM concentrations, shaded gray) is also included.
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Fig. 6. 24 h cycle at the Gironde Estuary mouth (C_110 km) during drought
conditions (MGTS IV, 235 m?® s™) in June 2017. Median of Csp, concentrations
is included (black line). Night-time is also indicated (gray area). Further
physical-chemical and biological parameters of the cycle were published in
Abdou and Tercier-Waeber (2022).
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Fig. 7. 34-year historical trend of Cs accumulated in wild oysters at the
Gironde Estuary mouth (LF_85 km). The median Cs concentration as well as the
overall estuarine water discharge are included.

the last 4 years, as shown in the last row of Table S3). Regarding orga-
notropism, out of the total Csp, average 55 % is accumulated in the
mantle of the oysters and 27 % in the digestive gland (Fig. S1).

4. Discussion
4.1. Sources and watershed signal

Stable Cs is a lithophile element present between 1.0 and 3.7 mg kg ! in
the Earth’s crust (Salminen et al., 2005). It is mainly present as a substitute
of potassium (K) in mica and K-feldspars, showing the highest contents in
pegmatite micas such as those found in Margeride granite of the Massif
Central. Nevertheless, reported concentrations in stream sediments in
Europe can reach 68 mg kg~ locally. Stream water on the other side, has a
median of 6 ng L™} with point sources of up to 24 000 ng L1 in some
countries (Salminen et al., 2005). This work reports average concentrations
and Kd values for the Lot-Garonne-Gironde fluvial estuarine system
(Table 3). These concentrations fall within the expected environmental
ranges, even for estuarine systems. In fact, apart from the aforementioned
punctual Csq and Cs, from hydrological surveys and to the best of our
knowledge, there are only three studies focusing on stable Cs in estuarine
environments (Shim et al., 2012; Takata et al., 2013; Bera et al., 2015). The
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first two studies also found Csq ~12 ng L ™" for the freshwater endmembers
and ~308-316 ng L! at the seawater endmember off the coast of Japan
(i.e., Kako and Kitakami rivers; Takata et al., 2013) and in the Gulf of
Mexico (i.e., Mississippi River outflow; Shim et al., 2012). The third study,
also conducted in the Gulf of Mexico (i.e., St. Louis Bay; Bera et al., 2015)
actually showed signs of contamination (i.e., Csp: 0.07-50 mg kg~!in SPM,
Csq: 0.13-6.65 pg L1, reaching punctually max. Values of ~16.3 and
~53.2 pg L1 related to the outfall of a nearby titanium dioxide refinery
using Cs salts as a nucleant). These studies relativize the levels found in the
Lot-Garonne-Gironde  fluvial-estuarine = continuum, suggesting a
non-anthropized signal of Cs from the watershed.

Stable Cs has relatively few anthropogenic uses and applications (e.
g., primarily for oil and gas well drilling, in photo-electronic cells and
detectors of scientific instruments; USGS, 2022). Therefore, most Cs
environmental signals are associated to erosion/weathering products
from natural rocks (Salminen et al., 2005). In fact, Spearman correla-
tions between the parameters per site (Table S4) show significant cor-
relations (p_value < 0.05) for Csq with SPM and for Cs, with water
discharges for all sites. This seems to indicate a Csq controlled system
where watershed erosion releases soluble and easily transported Cs into
the aquatic system, which subsequently adsorbs Cs along the river
pathway onto its slower moving SPM. Thus, reported Cs concentrations
in the Lot-Garonne-Gironde fluvial-estuarine system (Fig. 3) are linked
to a direct signal from the watershed rock composition. That is, in this
study, we have observed three main Cs, sources with the following
decreasing Cs content: Massif Central > Pyrenean Mountains > RM
watershed. The difference in Cs concentrations between BP and RM
highlights this hypothesis, as both sites derived from different rock
sources within the Lot River watershed. The Massif Central (i.e., main
contributor of SPM at BP) contains strong Cs enrichments in Hercynian
leucogranite intrusions and Cs-rich fluorine mineral ores (BRGM, 1978;
BRGM, 1983; Salminen et al., 2005). At intermediate Cs levels, the up-
stream Garonne River (i.e., PSM) is under the influence from the Pyr-
enean Mountains and from of sands and clays along the watershed
(BRGM, 2014). On the other hand, the Riou Mort River watershed in
itself (i.e., RM site) mainly contains conglomerates, sandstones and
mudstones, with Permian argillite with high mica content, granite areas
and some intercalations of pelites from the Carboniferous and coal
seams/layers (Coynel et al., 2009). However, in terms of fluxes, the
highest contributor of Csj to the Gironde Estuary in this work is the
upstream Garonne River (c.f., Cs;, fluxes, Table 2). The lower influence
of discharge-weighed Cs;, fluxes from the Lot River into the Garonne
River could be related (i) to the fact that the erosion in the Lot River are
weaker than in the Garonne River, and (ii) that several dams are located
along the Lot River which can retain part of the carried SPM. The in-
fluence of the Dordogne and Isle rivers (Fig. 1) have not been studied in
this work but should not be underestimated, given the fact that these
rivers are also sourced in the Massif Central and may contain high
erosion and/or less dams along their course (i.e., average freshwater
discharge for the past 60 years for the Dordogne River ~313 m®s™! vs
Garonne River ~586 m® s, DIREN, 2023, and Table 2 for annual water
fluxes).

On the other hand, Csq from RM showed the highest concentrations
in the system. However, its source is yet unknown, as the low Cs, con-
centrations at the RM watershed do not seem to explain this contrast.
This could be related to a low water discharge (i.e., low dilution factor)
and/or alternative uses of Cs in the area. For example, cesium salts can
be used in water treatment facilities (USGS, 2022). Past remediation
works performed at the RM watershed, or the nearby wastewater
treatment plant and companies could have used/be using Cs containing
products. To the best of our knowledge, there is no information about
the impact of such works at RM on Cs dynamics and further research
should clarify this point. Nevertheless, the influence of Csq fluxes from
the RM watershed into the Lot River is generally low (Table 2). Along the
Lot River, there is a decrease in Csq between BP and T, which could be
related to the inflow of different rivers and/or to rapid sorption of Cs
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Table 2

Annual discharge-weighed fluxes along the Lot-Garonne fluvial system from
2014 to 2017 (4-years) at five sampling sites: La Réole (LR_Gar-70km), Port-
Sainte-Marie (PSM_Gar-135km), Temple (T _Lot-135km), Boisse-Penchot
(BP_Lot-235km) and Riou Mort (RM_Rio-250km). Reported fluxes include
water discharges (Fo, km? y’l), SPM (Fspy, Mt y’l), dissolved (Fcsq) and par-
ticulate (Fcsp) fluxes for Cs.

Year LR PSM T BP RM
Fo (km®y 1)

2014 20.0 14.0 4.70 3.70 0.05
2015 14.0 10.5 3.00 2.20 0.03
2016 15.5 9.70 5.00 3.90 0.05
2017 10.7 7.90 2.50 2.20 0.03
Fopm Mty ™)

2014 1.80 1.55 0.11 0.03 0.02
2015 0.85 0.80 0.04 0.02 0.01
2016 0.75 0.50 0.12 0.04 0.03
2017 0.60 0.30 0.04 0.01 0.01
Fesa (kg y ™)

2014 77.4 35.5 105 260 6.88
2015 78.6 22.8 56.5 170 4.56
2016 112 34.4 117 280 10.4
2017 82.6 29.6 73.6 170 7.18
Fesp (kg v

2014 24 500 22 850 2710 867 7.23
2015 10 810 8140 1310 360 47.5
2016 3680 1340 1750 610 35.6
2017 2060 2780 206 925 39.4

onto SPM, as pointed out by the Spearman correlations (Table S4), i.e.,
Cs released from weathered rocks and minerals is known to rapidly
adsorb, especially onto clays (Kabata-Pendias, 2011). For instance,
downstream the Lot River (i.e., location of T), surface rocks contain clays
but, most importantly, the location of a dam increases the retention of
fine particles and the residence times of exchange, which can potentially
explain the factor 3 decrease of Csq. The even lower Csq levels found
upstream the Garonne River can be related to different Cs rock sources
and/or to a longer transport time along the Garonne River where
clays/sands (BRGM, 2014) adsorb more Csq than the shorter pathway of
the Lot River. In fact, sorption of Cs seems to occur quite readily, as the
sum of annual Csq fluxes at PSM and T are not retrieved at LR for the
same year (i.e., except for the year 2015, consistent water discharges
and addition of SPM load between PSM + T and LR cause a systematic
loss of Csq annual fluxes, Table 2). Therefore, despite the high influence
of the Lot River in the Csq budget of the Garonne River, often almost half
of it is adsorbed onto the particulate phase before reaching the Gironde
Estuary.

4.2. Known sorption mechanisms of Cs onto environmental surfaces

4.2.1. The importance of clay minerals

The scientific literature contains extensive research on the sorption
mechanisms of Cs, particularly oriented towards the context of nuclear
waste disposal and potential radionuclide migration from deep geolog-
ical sites. It is well recognized since the 1970’s that clay minerals are the

Table 3
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most important mineral phase for adsorption of (radio)cesium, with
illite being the most predominant, most studied and the clay type pre-
senting the highest sorption affinity out of all studied minerals (Comans
and Hockley, 1992 and references therein). Other clay minerals such as
kaolinite, smectite and vermiculite can also play an active role (Naulier
etal., 2017; Okumura et al., 2018; Delaval et al., 2020) but are generally
less studied. Alternative surfaces such as TiO2 engineered nanoparticles
(Metwally et al., 2007), iron oxides (magnetite, ferrite; Sheha and
Metwally, 2007) or humic acids (Khan and Bagla, 2022) are seldomly
investigated and are more focused within the context of remediation and
treatment of radioactive liquid waste. A summary of the experimental
conditions and obtained Kd values for experimental, single
mineral-based studies (Table S5), relativizes and brings forth the rele-
vance of clay minerals over other surfaces regarding Cs sorption.

The main mechanisms for Cs sorption onto clay minerals are related
to their varied and densely distributed surface binding sites. Clay min-
erals in general show a platelet-like form with planar areas (negatively
charged on a permanent basis), edge areas (i.e., edge or frayed-edge
sites, with pH-dependent varying charge), and interlayered sites
involved in sorption processes. Planar sites can form strong inner-sphere
complexes absorbing efficiently monovalent cations like K, Cs*, Rb™,
etc., within a few hours (Onishi et al., 1981; Comans and Hockley, 1992;
Wauters et al., 1996; Poinssot et al., 1999; Sposito et al., 1999; Bayiilken
et al., 2011; Nakao et al., 2014). Sorption on the weathering sites of
micaceous minerals (edges, frayed-edges and interlayers) also occur for
low hydration monovalent cations, like Cs* as their effective ionic radii
is small enough to access these sites compared to more hydrated ions (e.
g., Lit, Na™, etc.; Zachara et al., 2002). Nevertheless, it is generally
considered that both planar and interlayer sorption may be partially
reversible with increasing ionic strength (i.e., competitive K, Na ¥ or
NH{ in reducing conditions) favoring the release of Cs" into the dis-
solved phase (Delaval et al., 2020).

4.2.2. Existing models for Cs sorption onto clay minerals (illite, smectite
and kaolin clay groups)

There are several works characterizing and modeling Cs sorption
mechanisms onto clay minerals. Many of these simplify the process to a
purely based cation exchange mechanism (i.e., no inner sphere
complexation) involving monovalent cations and illite. Probably, one of
the most cited works in this field are those from the group of Bradbury
and Baeyens (2000). They suggest a cation-exchange generalized model
accounting for Cs™/Na'/K'/Rb'/NHj exchanges onto a “reference
illite” at equilibrium conditions based on various experimental evi-
dences with several illitic clays (saturated in Ca, Sr, Ba, Na or K ions;
Brouwer et al., 1983; Poinssot et al., 1999; Baeyens and Bradbury,
2004). Their cation-exchange model describes three types of functional
sites (presented in Table S2): frayed-edge sites (FES, with a low ex-
change capacity of ~0.5 % but exclusively enthalpic and highly selective
for Cs, particularly at low concentrations), type-II sites (~20 % of the
exchange capacity) and planar sites (with ~80 % of the total exchange
capacity but no significant affinity for Cs). Some works report that a
two-site model including FES and type-II sites is often sufficient to

Average + SD values (N > 30) for all the datasets presented in this work regarding dissolved (Csq, ng L™!), particulate (Csp, mg kg™1) and logy Kd (L kg ™!) values of Cs
at each fluvial site and within the estuary at the Lot-Garonne-Gironde fluvial-estuarine system. Range of values are reported for SPM concentrations (mg L) at all sites
as well as for Csq within the estuary. Fluvial sites correspond to: La Réole (LR_Gar-70km), Port-Sainte-Marie (PSM_Gar-135km), Temple (T_Lot-135km), Boisse-Penchot
(BP_Lot-235km) and Riou Mort (RM_Rio-250km). Values presented for the Gironde Estuary correspond to results between Bdx_0 km and C_110 km. The Csq values of
the oceanic endmember correspond to the literature (Rankin, 2009; Takata et al., 2013), whereas the Cs, come from the most coastal points in this work (shown in

Fig. 5).
Sites RM BP T PSM LR Gironde Estuary Coastal values
Csq 366 + 219 87.6 + 23.6 28.4 + 8.2 3.99 +1.95 6.81 +2.72 12.8-271 307 +9.10
Csp 13.0+7.9 29.8 +7.3 222+7.6 9.01 £ 2.0 9.77 + 2.68 12.3 + 1.78 6.96 + 2.23
Logio Kd 4.54 £0.48 5.54 + 0.20 5.87 + 0.24 6.38 + 0.24 6.17 £ 0.20 5.20 + 0.44 4.37 £0.23
SPM 1-690 <1-39 1-68 1-386 1-177 18-890 6.40-10.3
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reproduce the experimental data related to radioactive waste disposal
on a wide range of pH and ionic strength (Poinssot et al., 1999). Only
when concentrations of Cs are above 0.0003 M (~40 mg L™, way
beyond natural concentrations) the third site (i.e., the planar site) is
required, at least applicable for studies with illite du Puy (Poinssot et al.,
1999). The reproducibility of this cation-exchange model has been
validated on weathered clays by other techniques such as molecular
dynamics (e.g., Zaunbrecher et al., 2015).

The role of smectite clay-types on Cs sorption has also been studied
(Gutierrez and Fuentes, 1996; lijima et al., 2010; Missana et al., 2014).
Missana et al. (2014) developed a two-site cation exchange model for
smectites (edge and planar, also included in Table S2) by fitting the
experimental data to realistic conditions; three homo-ionic smectites
(Na-, K-, Ca-smectite), in a wide pH range (2-11), at varying ionic
strength (0.001 M-1 M) and Cs concentrations (1o _10°3 M, i.e.,
~13.7 ng L7! to 137 mg L7!). Other studies highlight that
cation-exchange processes are not enough to explain Cs sorption onto
montmorillonites. For instance, lijima et al. (2010) suggested that, at
basic pH (8 and 10), sorption of Cs @0 - 107 M) was mainly
dominated by ion exchange (one-site model based on FES) but a surface
complexation model was also required to explain the nanoparticle size
effect. Gutierrez and Fuentes (1996) took a step forward and defined a
triple layer model (TLM, electrochemical adsorption model) for quan-
tifying Cs sorption onto Ca-montmorillonite, in the presence of Sr**
competition. The TLM was based on two sorption sites (interlayer and
FES) and model parameters were fit to experimental conditions mainly
focused on freshwater systems (20 g L1 of solid/liquid ratio, in 0.001 M
NacCl, at adjusted pH between 4 and 9). Despite the reported Cs strong
sorption (75-88 %) and low irreversibility, their Cs concentrations were
quite beyond natural conditions (i.e., between 0.94 and 4.29 mM, which
corresponds to ~125 mg L™! — 570 mg L) and the authors even
mentioned that CsOH precipitation could not be discarded in some
cases.

4.2.3. Modeling Cs sorption within the Gironde Estuary

Before modeling any sorption conditions, one should bear in mind
that many models are based on equilibrium conditions and kinetics are
taken into account only when explicitly defined. In general, one should
not underestimate the role of kinetics during sorption, as both different
clay sites (e.g., FES takes 5 days to reach equilibrium compared to type-II
sites within a few hours; Poinssot et al., 1999) or clay types (e.g.,
Ca-illite surfaces show slower uptake of Cs compared to K-illite; Comans
and Hockley, 1992) may show kinetic reactivity. The environmental
dynamics and residence times of water and particles may also vary
quantitatively Cs sorption compared to expected scenarios based on
equilibrium conditions (Comans and Hockley, 1992). This idea of
kinetically influenced sorption based on residence times is actually
included nowadays as a two-step kinetic submodel (i.e., exchangeable vs
fixed sites) within the main code of radionuclide dispersion models
(based on equilibrium Kds). The latter has been validated and used for
predicting the dispersion of 1*”Cs in Japanese rivers after the Fukushima
Dai-ichi NPP accident in 2011 (Zheleznyak et al., 2022). Nevertheless,
this kinetic aspect is incorporated as an option and not a regular routine,
for reducing computational efforts and because kinetic effects are only
considered significant when freshwater systems show particle residence
times of a few days. This means that in most cases, equilibrium condi-
tions are assumed to be achieved (i.e., applicable for the experimental
conditions in Comans and Hockley, 1992). Thus, given the residence
times of water and SPM within the Gironde Estuary (c.f., section 2.1), we
assume that equilibrium conditions are reached within its salinity and
turbidity gradients.

Model results confirm that the observed Csq pattern along the salinity
gradient deviates from the conservative behavior (Model 1, Fig. 8a). In
fact, it shows that the Gironde Estuary is acting as a sink or scavenged
system for Csq, contrary to what one would think when only observing
field results like in Fig. 4. For instance, it has been shown experimentally
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Fig. 8. Model output showing cation-exchangeable (a) Csq and (b) Cs, reac-
tivity for the simulated conditions (Model 1-3). In both cases, field Cs4 and total
particulate Cs;, (presented in Figs. 4 and 5 for sampled points between Bdx_0 km
and C_110 km) are overlayed for comparison. As a reminder: Model 1 simulates
the conservative behavior, Model 2 Cs reactivity via cation-exchange on fresh
SPM, and Model 3 Cs reactivity via cation-exchange on old SPM.

that Cs desorption always shows a plateau of desorption in solutions
when only K" increases in concentration (tested for 107%to 1.6 M of K",
equivalent to a salinity range from freshwater to brine composition) but
shows linear, though lower, desorption with Na™ increases (Desai et al.,
1994; Onodera et al., 2017; Mukai et al., 2018). Thus, one could have
identified the plateau at S = 10 as an effect of Cs within the MTZ due to
the influence of increasing K, followed by a conservative mixing be-
tween 10 < S < 35. However, Model 1 suggests that no sorption (ad- nor
de-sorption) takes place at S < 10. Models 2 and 3 show that for S < 10,
“old SPM” particles do not adsorb anymore Cs, associated to the position
of the MTZ (displayed in Fig. 4). Beyond S > 10 “fresh SPM” acts as an
overall sink for Csq, deviating from the conservative line and explaining
the behavior of falsely observed outliers too (e.g., point at S = 30,
Fig. 8a). This is the first environmental study to report a visible plateau
at S = 10 which is not related to Cs desorption, i.e., Csq concentrations at
S > 10 are below the expected physical mixing of water masses, which
means that there is a sink of Csq in the system as Cs adsorbs onto the
SPM. These results contrast to reported experimental laboratory obser-
vations identifying a desorption threshold between S = 10-15 (Delaval
et al., 2020). Field works have reported less clear reactivities for Cs in
other systems: unclear at the Kako and Kitakami rivers due to few
sampling points (Takata et al., 2013), conservative behavior in the
Mississippi River outflow (Shim et al., 2012), and highly modified at the
St. Louis Bay due to the high influence of anthropogenic sources, despite
the several sampling campaigns reported during different years and
seasons (Bera et al., 2015). Several explanations exist for the reported
differences in non-contaminated estuaries: (1) analytical precision
(though unlikely, SF-ICP-MS vs TQ-ICP-MS), (2) mineral composition
(even though the Mississippi River is known to contain clay minerals),
and (3) the SPM concentration. The latter two might be the determining
factor, as the average SPM in the Gironde Estuary has a similar order of
magnitude to the reported SPM values of the Mississippi River (clay
fraction of 100-400 mg L’l; Hanor and Chan, 1977). Furthermore,
studies on radioactive Cs (13’Cs) have shown desorption behavior due to
increased salinity in the Hudson River for SPM ~ 40-200 mg L ™! as well
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as in deep sediments of the San Francisco Bay (Olsen et al., 1981; Volpe
et al., 2002). Thus, it seems that for the Gironde Estuary, SPM miner-
alogy together with its reactivity and the highly concentrated MTZ cause
the observed plateau.

The modeled Cs, (Fig. 8b) seems far away from the observations.
However, field Cs, withholds all the geogenic Cs content, as total di-
gestions were performed on these samples, and the model only provides
the cation-exchangeable fraction on the simulated SPM. Aqua regia di-
gestions performed in the estuarine SPM (data not shown) back up this
hypothesis, where only 55 % of the total Cs was extracted. This means
that, for the modeled conditions, Cs reactivity within the Gironde Es-
tuary can be explained by the clay fraction (i.e., both illite and smectite
contributions), even though it accounts for <45 % of the total mineral
SPM content (Gil-Diaz et al., 2020). Noteworthy, the increasing Cs,
trend along the salinity gradient shown by both models is not directly
comparable to field observations (e.g., more horizontal trend) because
the SPM inside the simulated MTZ is not mobile and in reality, there is
also an influence from oceanic SPM.

In addition, the accumulation of Cs within the full modeled column
(Fig. 9, modeled water discharge conditions presented in Fig. S2) also
shows that in both Model 2 and 3, overall Cs adsorption onto SPM within
the estuary can also occur during seawater intrusion (drought events),
and Cs desorption during freshwater influence (as a re-equilibration
effect to lower Csq concentrations, Fig. 9¢ and d). These high varia-
tions in salinity (from O to 35) show significant changes on the total
column/estuarine Csp, content. Only during long flood periods (Fig. 9d),
Cs also adsorbs during freshwater intrusion, as observed on Cs;, during
MGTS I and II (Fig. 5). During full drought events, only a maximum
accumulation of Csp, is reached (Fig. 9d), despite the SPM not being fully
saturated (i.e., the illite and smectite functional sites are <12 % occu-
pied), and desorption takes place due to freshwater tidal influence (i.e.,
Cs species exchanges along the simulated column during drought con-
ditions is shown in Fig. S4), potentially comparable to observations
during MGTS III and IV (Fig. 5). Noteworthy, simulations only consider
the equivalent dynamics of “truly dissolved” Cs species, i.e., distribution
of total Cs into free ions (Cs™), chlorinated forms (CsCl) and hydroxyl
forms (CsOH), based on the thermodynamic information provided by
the PhreeqC database. In any case, these simulations indicate that Cs
sorption is strongly related to ionic strength (and Csq endmember con-
centrations), explaining why small variations on salinity (between 30
and 32) did not show a clear Cs, cycle at the estuary mouth (Fig. 6).
However, SPM can desorb Cs;, over time once released into the coastal
areas, where the freshwater influence is lower and the more strongly
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bound Cs can be extracted. The difference between the ion-exchange
budget (modeled, Fig. 8b) and the geogenic component (non-
exchangeable fraction) could give the signal observed in the coastal SPM
(Fig. 5).

4.3. Reactivity along the fluvial-estuarine system

4.3.1. Seasonal variability

Despite the different characteristic concentrations along the Lot-
Garonne fluvial system, Cs, and Csq show seasonal variations. Based
on our observations, this variability could be likely related to erosion/
remobilization of SPM and dilution effects. These variations are also
transferred to the Kd values, showing different seasonal patterns along
the year depending on the fluvial site (Fig. S5). Even though a longer
temporal series could establish a more robust pattern, some sites (e.g.,
RM, BP, T and PSM) seem to show low relative log;y Kd values at
different months of the year. For example, RM shows the lowest log;o Kd
values from August to October, whereas for T this solubility appears
earlier in the year (during June to August) and for PSM somewhere in
between (during July to September). These seasonal variations however
are not as pronounced as those found for Te (Gil-Diaz et al., 2019), Sb
(Gil-Diaz et al., 2018), As (Masson et al., 2007), Mo and V (Masson,
2007), also detected at the same sites. The temporal variability of these
metalloids was attributed mainly to redox processes (e.g., related to
microorganism activities, directly or via mineral dissolution), particu-
larly for Sb and As. Alternatively, a combination of weathering effects
from silicate rocks (c.f. section 4.1; e.g., Te and V; Schiller and Mao,
20005 Gil-Diaz et al., 2019) and secondarily in situ redox changes may
also be involved in the observed seasonality (e.g., Mo and V case for
Mississippi River; Shiller, 1997; Shiller and Mao, 1999). For example,
after the Fukushima accident, changes in land elevation and subsequent
erosion were identified as a relevant factor for 137Csp transport in the
Niida River (Wakiyama et al., 2022). In addition to rock weathering,
rivers may also receive elements along the year from several/different
sources including groundwater fluctuations.

Alternatively, biological activities and/or temperature related ther-
modynamics, could also explain Cs seasonality in aquatic systems. For
instance, after the Fukushima accident, Cs,, Csq and Kd values from
released '*’Cs into the urban river of Harai between 2014 and 2019
showed mild seasonal patterns (Nanba et al., 2022). Only these samples
from the Harai River showed correlation was between '’Cs4 and the
water temperature (Nanba et al., 2022). Our study shows a correlation
between log;o Kd of stable Cs and water temperature for the sites at the
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Fig. 9. Overview of the full column behavior during Model 2 (a,c) and Model 3 (b,d), as described in Table 1 and Fig. S2. The X axis represents extracted information
for the whole column over the simulation time. Panels (a, b) show the average salt content present in the column, via a normalized salinity value. Normalized salinity
corresponds to the £Si/(35-1), where i is the number of modeled cells (i = 30) and 35 is the salinity of the simulated seawater endmember. This means that 1.0
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Lot River (strongest at RM - not shown, followed by T and less evident at
BP; Fig. S6). Noteworthy, the same dependency is found between the
log1o Kd As vs water temperature (slope of —0.027 + 0.002, Fig. S6¢)
and that of log;¢ Kd Cs vs water temperature at Temple (slope of —0.026
+ 0.003, Fig. S6d). This could imply that either Cs is related to ther-
modynamics and As to biological activity, which occur at the same rate
due to temperature correlation, or that biological activities actually
affect both element dynamics. Given the lack of organic data for our
studied system and the order of magnitude of Cs Kd values with humic
substances (i.e., Table S5, Khan and Bagla, 2022), one should not discard
the potential influence of organic matter, e.g., coating the SPM, on Cs
seasonal variability in freshwater systems. Nevertheless, further studies
are required to verify the processes behind these correlations. In any
case, similarities between stable and radioactive Cs in seasonal response
indicates (i) that environmental factors apply to both inherent and
added Cs (as hypothesized), and therefore (ii) local environmental dy-
namics of stable Cs can provide valuable understanding of Cs reactivity
in aquatic systems, relevant for post-accidental management strategies
before the accident takes place.

4.3.2. Watershed solid-liquid partitioning

Given the characteristic Cs, and Csq found along the Lot-Garonne-
Gironde fluvial-estuarine system, the solid-liquid partitioning of natu-
ral Cs (i.e., including all carrier phases from total digestions) varies at
most 2 orders of magnitude along the watershed. Results show con-
trasting average log;o Kd values among upstream sources of Cs within
the fluvial sites of the Garonne watershed (Table 3), but relatively
constant average log;o Kd values along the Lot-Garonne continuum (i.e.,
from 5.87 Lkg ! at T to 6.17 L kg ! at LR). Only when individual values
are compared (Fig. 10) one can observe a slight increase on the log;o Kd
values from BP to LR, in accordance with the sorption of Cs along the
freshwater transport times of the Lot-Garonne River. The log; g Kd values
decrease within the salinity and turbidity gradients of the Gironde Es-
tuary to average 5.20 L kg~! (Table 3), even though the latter is a result
frolm the high Csq influence from the oceanic endmember (Csq ~300 ng
L.

The overall range of log;o Kd values is slightly higher than reported
log1o Kd in the literature, varying from 3.82 to 5.13 L kg ™! in freshwater
and 2.65-3.30 L kg’1 in seawater (IAEA, 2004; Tagami and Uchida,
2013; Tomczak et al., 2019). However, it is difficult to generalize a
comparison between Kd values when these are known to depend on
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Fig. 10. Distribution of the Cs; content (%) out of the total Cs in the samples
along the SPM concentrations in the Lot-Garonne-Gironde fluvial-estuarine
system during 4-years of monitoring (stars) and 2 hydrological conditions
(squares) along the salinity gradient (i.e., indicated in red). The corresponding
salinities for the estuarine points are also included. Fluvial sites correspond to:
La Réole (LR_Gar-70km), Port-Sainte-Marie (PSM_Gar-135km), Temple (T_Lot-
135km), Boisse-Penchot (BP_Lot-235km) and Riou Mort (RM_Rio-250km).
Estuarine values were calculated from the results between Bdx_0 km and C_110
km. (For interpretation of the references to colour in this figure legend, the
reader is referred to the Web version of this article.)
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many factors (e.g., pH, mineralogy, ionic strength, solution composition,
etc.) which vary between sites and added vs inherent elements. For
instance, tracer experiments (ex-situ or in-situ) determine the Kd values
only based on the added fraction of Cs, which might behave differently
(e.g., more related to exchangeable fractions) than inherent Cs (i.e., also
included in the refractory fraction, thus contributing with higher Cs, for
the calculation of the natural Kd values). This doesn’t imply that added
Cs will always show low Kd values, as evidenced for instance in the
Harai River between 2014 and 2019, years after the Fukushima acci-
dent, showing constant average logo Kd of 5.72 L kg™ for 1*7Cs (Nanba
et al., 2022). A review on freshwater Kd values includes SPM concen-
tration as a parameter based on in situ observations (Tomczak et al.,
2019). For the case of the Lot-Garonne-Gironde fluvial-estuarine system,
SPM concentration and age also affects the solid/liquid partitioning of
Cs (e.g., Fig. 10, where the trends deviate from the theoretical Kd lines).
Another factor that should also be included in the Kd variability of Cs is
land use, as the higher Kds found in Fukushima are thought to be related
to a higher 137Csp transport due to urban impermeable surfaces (Nanba
et al., 2022).

4.3.3. Modeling estuarine partitioning

It is a common practice in the literature that Cs dispersion models in
coastal and river systems are based primarily on Kd values. This
approach reduces/optimizes computational efforts by not incorporating
the geochemical components, as done in this work. In order to predict Cs
reactivity based on the Kd value, many dispersion models assume a
single dependence of Kd to salinity (e.g., Perianez, 2005; Zheleznyak
et al., 2022). This means that Cs reactivity from Kd values is calculated
along a given salinity gradient via a Langmuir isotherm. The equation
was defined by Laissaoui et al. (1998), designed for reproducing sorp-
tion of a small amount of tracer at equilibrium, i.e., without further
saturation of the SPM. The equation itself (Eq. (4)) only requires the Kd
value of the freshwater endmember (dew ) and the salinity value (Sp) at
which the fraction of occupied sites on the SPM is 50 %.

Kd =Kd" (L)
S+ S,

In Fig. 11, we compare the field Kd data (MGTS II and III) with the
modeled Kd values from Models 2 and 3, and the outputs for two
adjusted Sy values using Eq. (4). When plotting the Kd values obtained
from Model 2 and 3 against the salinity, two main patterns appear. The
difference in both trends is related to the Kd signal at the average 100
mg L' SPM vs the MTZ simulated area (1000 mg L’l), which in the
models it is immobile SPM in the simulated column. Nevertheless, the
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Fig. 11. Estuarine Log;o Kd values along the salinity gradient. Field data from

sampling campaigns (MGTS II and MGTS III, from sampling points between

Bdx 0 km and C_110 km) are plotted together with PhreeqC modeled results

(Model 2 and 3, simulating fresh and old SPM cation-exchange interactions) as

well as with calculated Kd curves from Laissaoui et al. (1998) for two fitted
Sp values.
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trend along the salinity gradient resembles that of field observations.
Differences between the field and modeled data are related to the log
scale and the fact that field Kd values include total Cs;, content whereas
modeled Cs;, corresponds only to the exchangeable fraction (the relevant
fraction for '%’Cs post-accidental modeling). The Kd trend obtained
when using Eq. (4) and Sy = 1 resembles quite well to field observations
(based on total Csp) whereas a lower value (i.e., So = 0.05) would fit
better to the signal from 1000 mg L™! SPM. These results mean that at S
=1, 50 % of the exchangeable sites from fresh SPM are occupied by Cs
whereas in the MTZ this happens already at S = 0.05. However, Model 2
and 3 show that the overall site occupation in the simulated estuary is
<16 %. These comparisons point towards the fact that Eq. (4) might be a
fortuitus coincidence, as it was originally derived from sorption exper-
iments based on !%®Ba?* and is indiscriminately used for any other
radionuclide/element reactivity. However, Eq. (4) cannot provide
reasonable element-dependent information, as Sg is the only unknown
variable in the equation, and this can be manually fitted to field ob-
servations (which are normally based on total Cs, and not only
exchangeable Cs,). Therefore, studies with specific elements (e.g.,
sorption with Cs) are necessary to clarify the application and meaning of
Eq. (4) in dispersion models in order to provide reliable post-accidental
measures.

4.4. Bioconcentration at the estuary mouth

This is the first work presenting the historical accumulation of stable
Cs in wild oysters at the Gironde Estuary (Fig. 7). Results show a rela-
tively stable bioaccumulation of total Cs, over time, with a general
correlation to the water discharge for most of the temporal series (i.e.,
p_value < 0.05 for the slope, Table S3). This could indicate an overall
natural source of Cs to the wild oysters, with only three anomalous
events in the last years of series (2014-2017, Table S3). Regarding the
organotropism, results showed lowest Csp accumulations in the gills
(~10 %), followed by the digestive gland (27 %, Fig. S1). This accu-
mulation pattern may indicate a higher influence of the trophic pathway
(Csp or biomagnification through the trophic chain) compared to the
direct pathway (Csq). Nevertheless, it is also possible that the biological
residence time of Cs in the gills is short, given the fact that Cs™ can use
the same intracellular transporter channels as K™ and Ca?* (e.g., Bryan,
1963; Harrison, 1972; Goudard et al., 1998). This would also explain
why the highest content of Csp, was found in the mantle (55 %, Fig. S1),
the organ between the soft tissue of the organism and its shell. Thus, it is
not possible to pinpoint the specific source explaining the overall trend
and the anomalous events of Cs; in the historical time series of wild
oysters at La Fosse. One does not know (i) if the high Csq at the oceanic
endmember was constant over 34 years, (ii) if there were periods of
higher productivity, i.e., phytoplanktonic blooms, producing anomalies,
or (iii) if there were specific watershed drainage events over time,
associated to Cs;, estuarine releases from fresh SPM/MTZ expulsions, to
specific water discharge regimes in the previous months to the sample
collection, or to point anthropogenic discharges such as stable Csq re-
leases from the Blayais NPP. In any case, longer time series for both Csy,
and Csq/Cs, within the Gironde Estuary would help clarifying these
observations and hypotheses. Overall, bioconcentration ratios of
~386-1220 L kg~! were found for the wild oysters at La Fosse. These
ratios are relatively low compared to other non-essential elements (e.g.,
~10° for Ag and ~10° for Cd and Hg; Lanceleur et al., 2011b; Briant
et al., 2017; Pougnet et al., 2021) but comparable to emerging metallic
contaminants (e.g. ~ 10° for Pt; Abdou et al., 2018) reported for the
same site.

5. Conclusion
This is the first study in the literature to show long-term Cs dynamics

at the continent-ocean transition system, including particulate, dis-
solved and biological fractions. Our study suggests that in the freshwater
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domain of the Lot-Garonne River watersheds, Cs dynamics is mainly
influenced by the SPM drainage source (Massif Central vs Pyrenees vs
local Riou Mort geology) and its hydrosedimentary conditions (e.g., dam
retention influencing solid/liquid residence times, with potential tem-
perature/biological seasonal influence). Once in the Gironde Estuary, Cs
behaves nearly conservatively due to the main influence of the oceanic
endmember. Departures from the conservative behavior are due to the
age of the SPM (e.g., fresh vs old), modulated by the spatial-temporal
variability of the salinity gradient (i.e., mainly cation exchange pro-
cesses on the clay minerals). Natural sources related to water discharge
seem to be the main driver of Cs bioaccumulation in wild oysters at the
estuary mouth, though they have also shown to be sensitive bio-
indicators of anomalous event. In any case, the biological uptake of Cs is
weaker (i.e., 3-6 orders of magnitude) than other non-essential
elements.

This comprehensive work represents a mechanistic study that help
understand the processes involved in the biogeochemical cycle of Cs.
This information is of vital importance for designing post-accidental
scenarios for hypothetical accidental releases of '*’Cs for the Gironde
Estuary. A practical application of this kind of studies would be in de-
cision making for the release of radioactive waters into coastal areas (i.
e., measure followed in Japan for stored water from the Fukushima Dai-
ichi NPP accident in 2023). The knowledge transfer from this study to
other river basins and estuary systems could be applied via geochemical
models, requiring Csq concentrations, SPM mineralogy and estuarine
dynamics as input information, as long as the clay minerals are still the
dominating phase.
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